This study investigates the ability of the biodynamic model to predict the trophic bioaccumulation of cadmium (Cd), chromium (Cr), copper (Cu), nickel (Ni) and zinc (Zn) in a freshwater bivalve. Zebra mussels were transplanted to three sites along the Seine River (France) and collected monthly for 11 months. Measurements of the metal body burdens in mussels were compared with the predictions from the biodynamic model. The exchangeable fraction of metal particles did not account for the bioavailability of particulate metals, since it did not capture the differences between sites. The assimilation efficiency (AE) parameter is necessary to take into account biotic factors influencing particulate metal bioavailability. The biodynamic model, applied with AEs from the literature, overestimated the measured concentrations in zebra mussels, the extent of overestimation being sitespecific. Therefore, an original methodology was proposed for in situ AE measurements for each site and metal.
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This study investigates the ability of the biodynamic model to predict the trophic bioaccumulation of cadmium (Cd), chromium (Cr), copper (Cu), nickel (Ni) and zinc (Zn) in a freshwater bivalve. Zebra mussels were transplanted to three sites along the Seine River (France) and collected monthly for 11 months. Measurements of the metal body burdens in mussels were compared with the predictions from the biodynamic model. The exchangeable fraction of metal particles did not account for the bioavailability of particulate metals, since it did not capture the differences between sites. The assimilation efficiency (AE) parameter is necessary to take into account biotic factors influencing particulate metal bioavailability. The biodynamic model, applied with AEs from the literature, overestimated the measured concentrations in zebra mussels, the extent of overestimation being sitespecific. Therefore, an original methodology was proposed for in situ AE measurements for each site and metal.
Introduction
Most aquatic organisms are exposed to trace metals that are both dissolved in water and associated with suspended particles. The toxicokinetic-based biodynamic model is commonly employed to quantitatively investigate the metal bioaccumulation processes in aquatic invertebrates and to predict metal body burdens from environmental concentrations (CasadoMartinez et al., 2009; Cooper et al., 2010; Luoma and Rainbow, 2005; Pan and Wang, 2008; Roditi et al., 2000) . This model was proved to predict both essential and non-essentials metals bioaccumulation by considering simultaneously the key processes leading to metal accumulation and elimination (Wang and Rainbow, 2008) . This model describes the metal concentration in invertebrates as follows:
where C org is the metal concentration in the organism (µg.g -1 ), t is the time of exposure (d), k u is the uptake rate constant from the dissolved phase (L.g -1 .d -1 ), C w is the concentration of bioavailable metal in the dissolved phase (µg.L -1 ), AE is the assimilation efficiency of ingested metal (%), IR is the ingestion rate (g.g -1 .d -1 ), C f is the metal concentration in the food (µg.g -1 ), k e is the efflux rate constant (d -1 ) and g is the growth rate constant of the animal (d -1 ).
Using the biodynamic model to predict metal bioaccumulation requires information not only on the metal concentrations in water (both dissolved and particulate), but also on kinetic and physiological parameters that are usually determined experimentally in the laboratory and then used with field conditions. Among the latter, the assimilation efficiency (AE) − that corresponds to the fraction of ingested particulate metal that is actually retained in the tissue − and the ingestion rate (IR) reflect diet-borne bioaccumulation and are of great importance in bioaccumulation modelling, especially for filter-feeding organisms such as mussels, for which food can be the predominant source of metals (Roditi et al., 2000; Wang and Fisher, 1998 ).
For mussels, since they can select their food according to both its quality and its quantity (Arifin and Bendell-Young, 1997, 2000) , the food actually ingested by the organisms can greatly vary from the suspended particles present in the water column making it challenging the measurement of realistic trophic parameters.
Beyond the critical aspects in ingestion rate evaluation, several studies have pointed out some limitations in using laboratory-determined AEs for the prediction of in situ diet-borne bioaccumulation. For instance, the geochemical properties of the water and the speciation of particulate metals are not correctly reproduced in the laboratory (Griscom et al., 2000; Wang and Fisher, 1998; Wang et al., 2002) . Indeed, freshly spiked metals are generally found in the more easily exchangeable phase, whereas native metals are usually distributed in more residual phases (Wang et al., 2002) . However, up to now, no generalization of geochemical and biological effects on AE has been established.
Other authors have investigated whether the bioavailability of particulate metals can be assessed through the chemical characterisation of an exchangeable metal fraction in particles (Bryan and Langston, 1992; Griscom and Fisher, 2004; Luoma, 1989; Stecko and BendellYoung, 2000) . The operationally exchangeable metal fraction can be characterized by different protocols such as sequential extraction (Pueyo et al., 2001) , digestive gut-fluid extraction (Mayer et al., 1996) , HCl extraction (Luoma, 1989) or the Acid Volatile Sulfide / Simultaneously Extracted Metals (AVS/SEM) model (Di Toro et al., 1992) . The AVS-based approach has lately been proposed as a regulatory tool to assess metal bioavailability in sediments (Ahlf et al., 2009) , despite some reported exceptions (De Jonge et al., 2010; Griscom et al., 2000) . The relationship between digestive gut-fluid or weak acid extractions and AE is also questionable: although it has been established for Cd, the exchangeable metal fraction (whether evaluated by acids or gut juice) is unrelated to AE in the case of Cr and Zn (Fan and Wang, 2003; Wang et al., 2002) .
The objective of the present study was to assess the actual bioavailability of particulate metals to zebra mussels in rivers, by comparing observed versus predicted bioaccumulation. Zebra mussels were transplanted for 11 months to three sites along the Seine River, and monitored monthly. Meanwhile, metal concentrations were also monitored in water and suspended particles. The metal body burdens measured in mussel tissues were compared with biodynamic model predictions. We first investigated whether -and if so, to what extentchemical sequential extraction could mimic the bioavailability of particulate metals. We also tested the ability of the biodynamic model to do so when combined with laboratorydetermined parameters. This led us to propose an alternative methodology to estimate AE directly from field measurements.
1 Materials and methods
Study area and sampling
Three sites were studied along the Seine River (France): Marnay-sur-Seine (Site 1), Bougival (Site 2) and Triel-sur-Seine (Site 3). Site 1 is located 200 km upstream from Paris while Sites 2 and 3 are situated respectively 40 km and 80 km downstream from Paris. Site 2 and 3 are thus both subjected to diffuse urban contamination (i.e. atmospheric fallout combined with sewer overflows). In addition to this, Site 3 is also subject to wastewater discharges (domestic and industrial sewage).
Zebra mussels were collected in October 2008 from a reference site in the Meuse-Marne canal (France) (48°45'33''N, 5°36'05''W), one day before deployment. The background metal levels in the zebra mussels are reported in Supporting Information (Table S1 ). Mussels (20-22 mm in shell length) were distributed in 33 cages (25 mussels per cage) and then transplanted onto the three sites. During an 11-month period, one cage was sampled per site each month and brought back to the laboratory in field water within a few hours.
On the same dates as mussels were sampled, water samples were collected monthly to monitor physico-chemical parameters (i.e. dissolved and particulate organic carbon, chlorophyll, pheopigment, total suspended solids (TSS), ash free dry weight (AFDW) which allows to assess the percentage of carbon in particles, major ions, temperature, conductivity and pH).
The one-month integrative metal contamination was monitored using three Diffusive Gradient in Thin film technique (DGT) to assess dissolved labile metals (Davison and Zhang, 1994; Tusseau-Vuillemin et al., 2007) and using sediment traps for particulate metals. DGTs were composed by resin and restricted diffusive gel of 0.8 mm thickness (DGT research, Landcaster, UK) covered with a 0.45 mm polyethersulfone (PES) filter and a 0.4 µm polycarbonate filter (Tusseau-Vuillemin et al., 2007) . The sediment trap consisted of a 2 L polyethylene terephtalate (PET) bottle with two holes of a diameter of about 4 cm carved on both sides on the upper side of the bottle allowing water flow.
Filtration rate measurement
Once brought back to the laboratory, the mussels were used for field filtration rate (FR)
estimations. Extrapolating laboratory filtration rate to the field has to be done cautiously since the filtration activity of mussels is complex, depending on the water chemistry (Bourgeault et al., 2010a) , the particles concentrations and the temperature (Reeders and Bij de Vaate, 1990) .
For each site, in the laboratory, the apparent filtration rate (FR app ) was measured in filtered field water spiked with 1.10 6 cells.mL -1 of algae (Selenastrum capricornutum) as described in Bourgeault et al. (2010a) . The quantification of FR with controlled TSS is necessary to get reliable measurement of particle decrease. Moreover, as observed by Roditi et al. (1996) , the filtration rate does not depend on relative proportion of chlorophyll and suspended particles.
The algae addition corresponds to a TSS concentration of 20 mg.L -1 (TSS concentrations measured in situ during the whole campaign ranged from 4 to 45 mg.L -1 ). Three replicates of 5 pooled mussels were placed on a nylon sieve in a 500 mL beaker. The medium was continuously homogenized using a magnetic stirrer (300 rpm) and the experiments were conducted in a thermostated room, adjusted to the site water's temperature. 
Condition Index
The soft tissues of mussels were removed from the shell and byssus threads were cut off.
Soft tissues and shells were individually weighed. The Condition Index (CI) was calculated as the ratio between the wet weight of soft tissues and the total weight of the mussel (including the shell) (n=25).
Metal analysis
The tissues of mussels were then freeze-dried and weighed. The dried tissues were pooled for a given date and site and homogenized (MM 400 Retsch). About 80 mg of the homogenized tissues were digested for 1.5 h in polypropylene tubes (Sarstedt) with 2 mL of HNO 3 (65% suprapur Merck) using a heating block (DigiPREP, SCP Science) set at 95°C.
After cooling, 0.8 mL of H 2 O 2 (30% suprapur Merck) were added and the sample was once again heated for 1.5 h at 95°C. Finally, 17.2 mL of ultrapure water (Elga) were added to the extract.
After retrieval, the chelex resins of DGTs were eluted in 1M nitric acid (Suprapur, Merck) in which the analysis was performed. The monthly average labile concentrations were determined as described by Tusseau-Vuillemin et al. (2007) .
Particles collected by sediment traps were centrifuged, freeze-dried and then subjected to two treatments. The freeze-drying may cause re-distribution of speciation, nevertheless it was taken as a measure to make uniform sample condition and avoid poor reproducibility due to variability in moisture contents.
The first treatment consisted of total digestion, where the analysis of total metal concentration in suspended matter was performed for the entire 11-month exposure by Priadi et al. (2011a) . The second treatment consisted of sequential extraction following the Community Bureau of Reference (BCR) scheme (Pueyo et al., 2001) . Particulate metals were operationally-divided as exchangeable (Exch), reducible (Red), oxidizable (Oxy) and residual (Res) fractions. The percentage of metal extracted for each fraction was considered constant during the exposure for a given site (Priadi et al., 2011a) In the present study, the exchangeable and the reducible fractions were considered representative of the mobile particulate metals since the operational conditions of the first two extraction steps are similar to the HCl extraction conditions (Larner et al., 2008) recommended by Luoma et al. (Luoma, 1989) Since the 25 mussels were pooled for one site and one date, we assumed a 10% deviation for the metal analysis in mussel tissues, based on the results obtained by Bervoets et al. (Bervoets et al., 2004) , who showed that a representative sample with an RSD lower than 10% was obtained with 15 pooled individuals. It is important to notice that this deviation reflects both biological and analytical variability. Our measurements on the reference mussel material confirmed the RSD imputable to analytical variability was lower than 10% (n=4).
Statistical analysis
All data was first tested for normality using the Shapiro-Wilkinson test. Significant differences in trace metal body burdens and filtration rates at different date and site were tested using the Kruskal-Wallis analysis. The normally-distributed Condition Indexes were compared using analyses of variance (ANOVA) followed by the Tukey HSD test. A probability level of 0.05 was considered to be statistically significant.
Bioaccumulation modelling
To apply the biodynamic model to monthly data, metal bioaccumulation in mussels was predicted from Equation 1, under the hypothesis that environmental variables (i.e. TSS concentration, C w and C f ), physiological parameter (IR= FR x TSS and g) are constant between t i-1 and t i, but may vary from month to month. The metal concentration in mussel tissues is described by the following equation (details of the resolution of the differential equation are reported in SI):
where
C org being the metal concentration in the organism (µg.g and t i , k e the efflux rate constant (d -1 ) and g the growth rate constant (d -1 ) between t i-1 and t i .
The ingestion rate (IR) was expressed as the product of TSS concentration and FR. The default assumption made here is that the ingested particles are similar to the particles sampled in the water column. Indeed, the possible selection of particles for ingestion could not be assessed in the field, unless gut content analysis was applied (Christie and Bendell, 2009 ).
Moreover, the filtration rate (FR) of mussels was measured ex situ in filtered field water spiked with a standard food (algae), which can induce a slight but a substantial difference between the in situ and the ex situ FR. Given the inability to evaluate in situ true filtration rates, this approach was selected because of its simplicity. Other types of filtration activity of bivalves measurements often result in great disturbance of the mussels (isolation of siphons by a wall (Galstoff, 1928; Kryger and Riisgard, 1988) ) and are obviously inaproppriate for in situ measurement.
Initial metal concentration in mussels C org (t 0 ) is the measured concentration in mussels at the collection site (see Table S1 ). The growth rate g (d -1 ) was calculated for each month from the evolution of the dry weight of the mussels' soft tissues between t i-1 and t i divided by time and the initial weight of mussels at t i-1 . During spawning, weight loss leads to a negative growth rate. This implies that spawning concentrates the metals in soft tissues since evacuated gametes have a low metal content compared to the other soft parts, as observed by Phillips (1980) .
The mean predicted metal accumulation was performed using the mean values of the biodynamic parameters summarized in Table 1 . Parameters were obtained from several studies on zebra mussels (Bourgeault et al., 2011; Bourgeault et al., 2010a; Mersch et al., 1993; Roditi and Fisher, 1999 ) or marine mussels when not available for zebra mussels (Wang et al., 1996; Zaroogian and Johnson, 1984) . As far as Cd and Cr are concerned, modelling was performed using biodynamic parameters determined for the zebra mussel by Roditi and Fisher (1999) except the uptake rate constants of Cd (k u ) which was determined in laboratory in a previous study and was expressed as a function of the filtration rate and Ca and Zn dissolved concentrations (Bourgeault et al., 2010a) . The uptake rate constant of Ni was also determined as a function of the filtration rate and confounding factors (Bourgeault et al., 2011) . Hence, for Cd and Ni, k u varied from month to month and from sites. The accumulation of dissolved Cu was also studied in laboratory in a preliminary study (unpublished data). Cr speciation was not determined in the present study, that is why we used a mean of the respective k u of Cr(III) and Cr(VI) determined by Roditi and Fisher (1999) . As biodynamic parameters were not determined for the zebra mussel for Zn we used the biodynamic parameters determined for the mussel M. edulis (Wang et al., 1996) .
Elimination rates k e for Cu and Ni were obtained from Mersch et al. (1993) and Zaroogian and Johnson studies (1984) . When several AEs were reported in the literature, we chose the one which had been determined from natural seston which characteristics were the closest to the sites studied (i.e. TSS loads, particulate organic carbon and chlorophyll concentrations).
Assimilation efficiencies for Cu and Ni were not available in the literature for zebra mussels or other closely related bivalve species.
In a first simulation, we evaluated the predictive capacity of the biodynamic model to determine the contamination of mussels with AE from the literature (Table 1 ) and the particulate metal concentrations as the concentration measured in the Exch + Red fractions.
No simulations were made for Cu and Ni, since no AEs were available.
In a subsequent simulation, the ability of the exchangeable fraction of the chemical sequential extractions to reflect the concentration of bioavailable particulate metal was investigated. The measured metal concentrations in mussels were compared to the predicted values with an AE equal to 100% and C f as the concentration of particulate metal measured in the Exch fraction.
Finally, data from the first 5 months of exposure was used to determine AE for each metal and each site, using an optimisation procedure (least squares method). Thus, from Eq. (3) and Eq. (4), AE was optimised to reduce the deviation of the predicted versus observed bioaccumulation of the first 5 months (solver of Excel software). The biodynamic model was then applied with optimized AEs to data from the last 6 months and predicted accumulation concentrations were compared to the measured ones. (Roditi and Fisher, 1999) a1 : AE referring to natural seston identified as 'seston B' in Roditi and Fisher study. This seston was sampled from the Hudson River, which had a TSS concentration of 11 mg.L -1
. For a comparison purpose, the average TSS concentration was respectively 12, 14 and 10 mg/L for Site 1, 2 and 3 over the 11-month exposure.
a2 : AE reffering to natural seston identified as 'seston A' in Roditi and Fisher study,. This seston was sampled from the Hudson River, which had a TSS concentration of 28 mg.L -1 (AE for Cr was not available for 'seston B') a3 : Mean of the respective k e of Cr III and Cr VI, obtained as a result of mussel contamination through the trophic and the dissolved pathways b : (Bourgeault et al., 2011; Bourgeault et al., 2010a) and unpublished data for Cu c : (Wang et al., 1996) c1 : AE referring to the natural seston identified as seston of '11 March', which had physicochemical characteristics (chlorophyll concentration = 11,7 µg.L -1 , TSS concentration 9.5 mg.L -1 ) close to the characteristics measured at Site 1, 2 and 3. Average concentrations measured at Sites 1, 2 and 3 were respectively 1.3, 5.6 and 5.4 µg.L -1 for chlorophyll and 12, 14 and 10 mg.L -1 for TSS.
c2 : Mean k u c3 : Mean k e obtained as a result of mussel contamination through the trophic and the dissolved routes d : (Zaroogian and Johnson, 1984) e : (Mersch et al., 1993) 3 Results
Chemical Characterization
The different chemical parameters measured over the exposure indicated a gradient from upstream (Site 1) to downstream (Site 2 and 3) ( Wallis analysis). A detailed description of metal contamination and variability is provided in Priadi et al. (Priadi et al., 2011b) . 
Biological activity of mussels
Condition index (CI) and filtration rate (FR) data is given in Figure 1 and 2.
From October 2008 to July 2009, the mean mortality rate was <12%. In August the mortality rates were 27, 79 and 70% for Sites 1, 2 and 3 respectively and then reached 88, 88
and 92% in September.
The CI exhibited a seasonal trend, with an increase over the first 6 months, reaching a maximum at the end of March (0.45 ± 0.03 for Site 2) or April (0.40 ± 0.04 for Site 1 and 0.42 ± 0.06 for Site 3), followed by a decrease until September (0.19 ± 0.02, 0.25 ± 0.05 and 0.26 ± 0.08 for Sites 1, 2 and 3 respectively). Hence we inferred that spawning occurred in April for Site 2 and in May for Sites 1 and 3.
The FR sharply dropped at the 3 sites in December and increased steadily from January to August. The water temperature, which fell below 5°C in December, could partly explain the decrease of FR during the winter (Reeders and Bij de Vaate, 1990) . The FR at Site 1 was generally higher than at both other sites, the difference being significant in February and
March (Kruskal and Wallis analysis, p<0.05). This may be explained by a lower food supply (Reeders and Bij de Vaate, 1990) , since concentrations of dissolved and particulate organic matter were lower at Site 1 (Priadi et al., 2011b) . 
Metal contamination in mussels
Despite a significant difference in the metal contamination of water and suspended particles over the 11-month exposure (Table 2 ), no significant difference in metal body burdens was observed between the sites (Figure 3 ) (Kruskall and Wallis analysis, p>0.05). The mean ± SD body burdens during exposure, all sites considered, were 0.8 ± 0.2 µg.g dry wt -1 for Cd, 1.0 ± 0.4 µg.g dry wt -1 for Cr, 11.5 ± 2.1 µg.g dry wt -1 for Cu, 7.4 ± 2.7 µg.g dry wt -1 for Ni and 106.7 ± 11.8 µg.g dry wt -1 for Zn. The metal concentrations in zebra mussels were similar to those previously obtained for transplanted mussels along an affluent of the Seine River (Bourgeault et al., 2010b) . These concentrations, as the concentrations measured in the present study, were similar to the metal contamination of mussels from reference sites in other studies (Camusso et al., 2001; De Lafontaine et al., 2000; Voets et al., 2006) , even though the Seine River basin is subjected to very high anthropogenic pressure (Meybeck et al., 2007) . This highlights the complexity of urbanized sites, which are undoubtedly contaminated, but with numerous substances at low concentrations levels and are therefore not strongly contrasted sites as regards to one specific substance.
A decrease of Cd, Cr and Cu body burden is observed in April, as the same time as maximal weight of mussel -and consequently maximum CI. It can thus be inferred that the mussels' growth had induced a biological dilution of metals (Bourgeault et al., 2010b) . Conversely, metal body burdens increase in June presumably as a consequence of spawning (Phillips, 1980) . 
Discussion
Through a comparison of observed versus predicted bioaccumulation, our objective is to assess the effectiveness of laboratory derived AE and/or sequential extraction to real field situations. Such a comparison will allow us to assess the actual bioavailability of particulate metals to zebra mussels.
With metal particulate concentration measured in the Exch + Red fractions of the sequential extraction and biodynamic parameters from the literature (Table 1) , the model described by Eq. (3) and (4) strongly overestimated the metal body burden of the mussel (Figure 4 A).
Moreover, for Cd and Zn more than 78% of metal is accumulated from the trophic way
showing that the key to better predict the bioaccumulation relies on the accurate determination of trophic exposure.
Figure 4: Measured and modelled metal concentrations in mussel tissues (µg.g dry wt -1 ) as a function of assimilation efficiency (AE) and concentration of particulate metals. The concentration of particulate metals is equal to the metal concentration measured in the different fractions of the chemical sequential extraction (Exchangeable: Exch., Reducible: Red). The assimilation efficiencies are 100%, the laboratory-determined AE from the literature or the field-determined AE from in situ data. The solid line represents a 1:1 ratio and the broken lines correspond to a deviation of 2 above or below this line.

Does chemical sequential extraction mimic the bioavailability of particulate metals?
Assuming that the bioavailability of particulate metals would be properly assessed by a weak and selective extraction, as performed in the first steps of sequential extraction, a 100%
AE combined with the concentration of particulate metals in selected fraction of the sequential extraction would be sufficient to adjust the modelled data to the measured one. is well simulated for Site 1 and tends to be underestimated for Sites 2 and 3, which means that Cu contained in other than exchangeable fraction is probably also bioavailable at these sites.
Hence, representing the bioavailability of particulate metals by the concentration in the exchangeable fraction only was not sufficient to accurately predict metal accumulation in organisms at all sites during the whole experiment.
Thus, in the present study, the speciation defined only by the chemical extraction,
independently from the site and the metal considered, was found to be an unreliable predictor of the bioavailability of particulate metals.
The simulations presented in Figure 4 B are conditioned by the assumed accuracy of model parameters, i.e. k u and k e . This assumption seems realistic for the elimination constant which varies over a small range with environmental conditions (Roditi and Fisher, 1999) . However, 
Need for site-specific assimilation efficiencies in biodynamic modelling
The difficulties in evaluating the bioavailability of particulate metals on the basis of a chemical speciation approach highlight the fundamental role of the AE parameter. We observed that the application of the biodynamic model with AEs from the literature and the particulate metal concentration measured in the Exch. + Red fractions leads to an overestimation of metal accumulation in organisms (Figure 4 A) . Moreover, this overestimation is greater at Sites 2 and 3 than at Site 1 (see details of the simulation over time in Supporting Information). For example, Cd concentrations in mussels are overestimated on average by a factor of 3, 13 and 6 at Sites 1, 2 and 3 respectively. It is important to notice that these variations from one site to another do not result from a variable water-borne accumulation of the metal (Cd and Ni) due to the site chemistry (Bourgeault et al., 2011; Bourgeault et al., 2010a) . Indeed, the fact that Zn and Ca competition were included in k u estimation resulted in a reduced Cd uptake rate constant at Sites 2 and 3, and yet bioaccumulation of Cd and Ni at Sites 2 and 3 are the most overestimated ones. The particles characteristics (e.g. surface binding sites; concentrations of organic matter, sulfides and metals) and the biological behaviour of organisms, which probably differs between sites, may presumably explain the differences in the model accuracy between sites. We thus concluded that the application of variable AEs between sites is necessary to get accurate predictions of the biodynamic model.
The use of an optimized AE for each site and for each metal leads to a good match between predicted and measured concentrations (Figure 4 C) . Indeed, 86% of the values predicted for the last 6 months of exposure were similar to the actual measured concentrations, within a 2-fold factor. AEs optimized from the first 5 months of exposure are reported in Table 3 .
Optimized AEs were at least 3 times smaller than laboratory-determined AEs from the literature (Table 1) . This confirms that the assimilation of metals freshly spiked onto particles in the laboratory is higher than that of natural particulate metals (Griscom et al., 2000) . AEs at Site 1 were higher than those at the two downstream sites, even though sequential extractions tend to show that metals were more labile downstream (Priadi et al., 2011a) . To determine the major driving factor explaining the different optimized AEs, a Partial Least Square (PLS)
analysis was performed between the response (i.e., optimized AE) and independent variables (i.e., FR, chlorophyll, POC, DOC, TSS, pheopigment concentration, percentage of carbon in particles, temperature and pH). Despite the upstream/downstream differences observed with both optimized AE and biological and physico-chemical parameters, no correlation could be established. However, we can hypothesize that the lower trophic level at Site 1 might result in a greater uptake of carbon, and thus a higher uptake of metals (Reeders et al., 1989) . It can be noticed that, except for Cu at Site 1 and Ni at Site 3, AEs optimized from the first 5 months of exposure are close to AEs obtained from the calibration data corresponding to 11 months of exposure or the last 5 months (Table 3) . This indicates that the biological cycle of the organism, which strongly varies through the year, may have less influence on metal AEs than site-specific environmental conditions. Practically speaking, a 6 month-exposure would be sufficient to determine site-specific AEs. 
Conclusion
This study highlights the difficulties in using generic biodynamic parameters and proposes an original methodology to determine site-specific AEs and to provide a good fit between the Table S1 : Background metal levels in zebra mussels collected from a reference site in the Meuse-Marne canal (France) (µg.g dry wt -1 ). Measurement realised on a pool of 25 mussels. (Priadi et al., 2011) . Mean over the exposure ± SD. 
